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Abstract: Recent concern about the possible impact of exposure to endocrine-disrupting
chemicals (EDCs) on humans and wildlife has led to a need for the development of regulatory
test methods to facilitate identification of endocrine- disrupting substances and their effects,
both at the stage of product development, and when they are present in the environment.
Whilst structural activity relationships (SARs) and in vitro tests have potential utility for the
rapid identification of suspect chemicals, they do not accurately mimic effects in whole
animals and are therefore complementary to, not substitutes for, in vivo tests on whole animals.
A tiered structure for testing has been suggested by scientists at various workshops and is
reiterated here. Prioritisation screens involving in vitro and in vivo short-term tests should be
followed by partial or whole life-cycle studies on whole animals with a variety of reproductive
and developmental end-points. Whilst existing in vivo mammalian test methods are broadly
suitable as screens for assessing potential endocrine-disrupting effects in mammalian wildlife,
it is uncertain if these assays would be of use as screens for other classes of vertebrate wildlife,
due to differences in endocrine function. Existing full and partial life-cycle tests with some
avian and fish species could also identify endocrine disrupters; however, these long term tests
are not suitable for routine screening without modification. Several non-regulatory tests are
suitable for development and could be applied for regulatory purposes after modification and
standardisation. Despite the absence of properly validated internationally agreed test methods,
several countries have already taken action to restrict or prevent the use/discharge of certain
endocrine-disrupting chemicals.
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The potential for man-made chemicals to interfere with reproduction and development in wildlife was
first recognised in the early 1960s, when the feminizing effects of the pesticide DDT were first reported
[1]. Indeed, as early as 1938, it was found that certain alkylphenolic chemicals could bind to the
oestrogen receptor [2]. In consideration of these facts, it may seem surprising that more than thirty years
later, scientists are holding numerous workshops [3–5], both nationally and internationally, in an attempt
to develop strategies for testing new and existing chemicals for endocrine-mediated effects. Indeed,
whilst the concept of endocrine-mediated toxicity is certainly not new to reproductive toxicology, the
historical development of existing tests and procedures has been a reactionary process and hence,
relatively few of the 100,000 chemicals in existence, or their metabolites and/or degradation products,
have been adequately tested. Regulatory reproductive toxicity tests for pesticides, for example, were
developed largely in response to the effects of DDT seen in wild species of birds [6,7], whilst the effects
of drugs such as diethylstilbesterol (DES) in humans gave rise to the existing developmental toxicity tests
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for therapeutic oestrogens and progestrogens. In addition, although comprehensive testing protocols for
reproductive toxicity exist, there is now vigorous debate over whether these test protocols can adequately
detect endocrine-disrupting effects [8]. Similarly, the significance of endocrine-related effects may not
have been noted or reported within the strictures of a particular test protocol, and therefore have not
featured within the overall assessment of the toxicity of a particular substance. Although no-observed
effect concentrations are reported in test regimes, the effects that are assessed may not have included
endocrine-related end-points. In addition, these toxicity tests use considerably higher doses, and different
exposure routes than would be expected in an environmental situation.

Chemicals which can interfere with reproduction and development have been variously termed
reproductive or developmental toxicants, endocrine disrupters (EDCs), or endocrine modulators [4,5,8].
To avoid confusion therefore, the term ‘endocrine disrupter’ will be used throughout this review to refer
to a man-made or naturally occurring substance that can mimic, or interfere with, the biosynthesis,
binding and/or action of natural hormones, and thereby disrupt physiological processes which are under
hormonal control. Endocrine-disrupting chemicals may, therefore, also be classified as reproductive
toxicants, although it must be appreciated that reproductive toxicity may occur as a result of changes
caused by toxicity in other systems, in which case the effects seen may reflect other modes of action not
involving the endocrine system.

In wild populations of animals, almost all of the historical instances of endocrine effects that may
have been caused by exposure to EDCs have been manifest as disruption of reproduction and/or sexual
development and differentiation [9]. Consequently, there has been an understandable emphasis in
research effort on chemicals that act via interaction with nuclear hormone receptors, particularly via the
sex-steroid hormone receptors. Whilst other mechanisms of action are obviously possible, this review
will also focus largely on strategies and procedures for testing chemicals with sex-steroid hormone
receptor binding properties, and to a lesser extent, on the general principles of testing strategies for
chemicals which might interact with other members of the nuclear hormone receptor family.
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Because of the important role played by sex-steroid hormones during development, xenobiotics with
hormonal action can potentially disrupt a variety of developmental processes, particularly those related to
the sexual differentiation and development of the reproductive tract and central nervous system [10,11].
Indeed, although exposure to relatively high doses of known hormone mimics may be necessary to
induce marked disruption in adults, it is possible that considerably lower levels may be harmful if
exposure occurs over long periods of time and/or at a critical time in early development. These effects,
although more subtle than those caused by exposure to a carcinogenic or neurologic environmental toxin,
could affect reproduction and development, and ultimately the survival of exposed species. Evidence
from humans where mothers who took DES during pregnancy, for example, suggested that permanent
adverse effects in their offspring could be induced by very small doses of the drug at critical times during
the development of the foetus [12,13]. Similarly, in rats, methoxychlor exposure throughout gestation also
results in reduced testes size and lower sperm counts in the offspring [14]. These critical windows of
development in mammals represent a period of heightened vulnerability to endocrine-disrupting
chemicals. Indeed, the extreme sensitivity of the foetus to the hormonal environment in the uterus is
illustrated by the fact that natural differences in hormone levels surrounding mouse foetuses of only
10–12 M influence the timing of sexual development and the behaviour of the animal in adult life [15,16].

The early life stages of other animals also appear to be especially sensitive to sex-steroid hormones,
and these compounds have been shown to have profound effects on sexual differentiation. As an
example, in fish, exposure to exogenous oestrogen during a narrow window spanning 10 days either side
of hatching can cause feminization of the subsequent fry [17]. Similarly, exposure of juvenile fish to the
xeno-oestrogens 4-pentylphenol or 4-nonylphenol induces hermaphroditism and may even result in
complete feminization of males [18,19]. In oviparous animals, lipophilic endocrine disrupting chemicals
may concentrate in the developing oocytes because the yolky eggs sequester large quantities of lipid.
Furthermore, because ovarian development in these animals involves the mobilisation of lipid reserves
from the maternal stores, this may ‘free-up’ lipophilic compounds that have been bioaccumulated in the
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fatty tissue in the adult. In turn, these compounds may be transported with the lipid into the developing
oocyte; this has been shown to occur with o,p′-DDT and PCBs in the Atlantic croaker, Micropogonias
undulatus [20]. Eggs therefore, may contain high concentrations of endocrine disrupters. Subsequently,
the utilisation of these lipid reserves by the developing embryo would release xenobiotics to the embryo
at a very sensitive time when the sex is labile [21]. The view that hormones (or their mimics) could not
influence embryonic development until the endogenous hormone itself was present no longer holds true,
as embryonic cells may exhibit receptors before the hormones themselves are synthesised [22,23]; as an
example the ER is found in embryos as early as the 8-cell stage [24].

Sex steroid hormones also play a major role in reproduction and sexual development and
consequently, EDCs could influence both of these processes. For example, an oestrogen agonist could
interfere with the feedback inhibition of steroidal synthesis, leading to increased steroidogenesis in the
ovaries or testes. Moreover, decreases in plasma androgens have been shown to accompany exposure to
oestradiol in several fish species, presumably due to feedback inhibition of androgen synthesis [25].
Steroids are also important in the control of secondary sexual characteristics; for example, both breeding
tubercles in some fish species, and sex-specific colour changes serve as good indicators of breeding
condition. Oestrogens and androgens can also act directly on the secretory activity of the pituitary gland
and exert both positive and negative effects on gonadotrophin release [26,27]. EDCs that mimic or
antagonise the action of steroid hormones could therefore disrupt reproductive function by altering the
secretion of gonadotrophins [28].
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The sex-steroid hormone receptors belong to a nuclear hormone receptor super-family which also
includes the retinoic acid, thyroid hormone, prostaglandin and vitamin D receptors. The ligands for these
receptors are also important in reproduction and/or development. Thyroid hormones, for example, play
an important role in the differentiation of the Sertoli cells in the developing testes in mammals [29],
whilst in amphibians, they are important for metamorphosis. Similarly, the retinoic acids have important
functions during embryogenesis and early development [30] and therefore, xenobiotics that are able to
bind to the retinoic acid or thyroid receptors might affect growth and/or reproduction or induce severe
morphological defects. Indeed, it has been known since the early 1970s that the retinoic acids 9-cis
retinoic acid, all-trans-retinoic acid, 13-cis retinoic acid and 9-cis-13-cis-retinoic acid are vertebrate
teratogens, producing heart, cranofacial, and limb malformations. Similarly, Harmon et al. [31] showed
that both the insecticide s-methoprene and its hydrolytic degradant, all-trans-S-methoprenic acid, bind to
the retinoic X receptor, RXR, through mimicking the structure of natural retinoic acids. Much more
recently, using amphibian embryos, La Clair et al. [32]were able to convincingly show that, whilst S-
methoprene itself exerts no adverse effects, its natural photo-and hydrolytic degradants are embryotoxic
and cause malformations in brain development, misshapen eyes, poorly coiled guts and oedema. Retinoic
acids are also important in embryogenesis in all other vertebrate groups, and therefore xenobiotics that
mimic or antagonise the action of these hormones could potentially affect other animals, not just
amphibians.

 During the last 5–7 years, the number of chemicals known to have endocrine-disrupting potential has
increased exponentially. In addition to pesticides and pharmaceuticals, other groups of chemicals, such
as the alkylphenolic chemicals(breakdown products of industrial surfactants) [18,33,34], have also been
found to cause reproductive and developmental effects in wildlife. These factors, together with the wider
appreciation that many of these chemicals are/could be present in the environment in quantities that are
sufficient to cause endocrine effects in wildlife populations [35], have led to a consequent increase in the
level of concern about the possible impact of exposure to such chemicals on human and environmental
health. In particular, the widespread occurrence of intersex fish in British rivers [36] and the apparent
decline in human male sperm counts [37–39] in some countries have been hypothesised to be linked to
exposure to endocrine-disrupting chemicals (particularly oestrogens) that are present in the environment.
Much more recently, the widespread occurrence of deformities in wild populations of amphibians in the
USA has been associated with developmental exposure to the degradation products of s-methoprene, an
insecticide used to control fleas and mosquitoes [32].
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There are presently no rigorous guidelines for the assessment of environmental health in wildlife
populations which may be affected by exposure to EDCs. Consequently, the assessment of a novel
chemicals endocrine-disruptive activity is heavily reliant on routine regulatory toxicology testing.
Although individual countries have specific testing requirements, the guidelines produced by the
Organisation for Economic Co-operation and Development (OECD) and the US Environmental
Protection Agency (EPA) are generally representative; relevant designs including mammalian general
developmental and reproductive toxicity studies and a number of simple studies on non-mammalian
species. Perhaps the most comprehensive tests, with respect to endocrine disruption, are those which
assess in vivo mammalian toxicity, including some which specifically address reproductive aspects.
These types of test are carried out using laboratory rodents and enjoy wide application in many
toxicology laboratories. Typically, they employ a wide range of end-points in both the adult and, in some
cases, also in the offspring [40]; examples of these tests are shown in Table 1.

The most detailed tests include exposure of the adults prior to mating and throughout gestation,
followed by examination of sexual differentiation and gonadal development in the offspring. Although
they are obviously intended to provide data for human risk assessment, they also provide data of
potential use in assessing effects in other mammalian species. Indeed, if properly validated, it may be that
some mammalian tests can be extrapolated into effects on other groups of vertebrates. In most cases,
however, these existing tests need to be enhanced by the inclusion of more suitable end-points and/or
changing the exposure period, in order to improve their ability to detect endocrine-disruptive activity(see
later discussion of in vivo tests).

The enhancement of existing test protocols is also required in avian reproductive toxicity tests in
order to improve their ability to detect endocrine disruption. Birds were one of the first classes of
wildlife in which endocrine disruption, thought to be due to the pesticide DDT, was first reported
[6,41,42], and hence avian tests to assess reproductive capabilities are a usual requirement for pesticide
registration. Reproduction is assessed using pairs of animals and the collected eggs are examined for
shell thickness, viability and hatching success [43]. As they are currently performed, these tests are
unsuitable for the assessment of EDCs, primarily because the protocols do not comprehensively evaluate
the F1 progeny or the second generation in which more adverse effects could occur and/or in which
effects could occur at lower concentrations.

In almost all other groups of animal, adequate tests for EDCs simply do not exist. In fish, for example,
both the OECD and the US EPA require in vivo tests for various regulatory purposes, including short-
term lethality, early life-stage and partial and full life-cycle studies. Commonly tested species include
carp, guppy, rainbow trout, sheepshead minnow, fathead minnow, medaka and zebrafish. Although most
of the end-points used in, for example, the early life stage test [44], would detect the effects of chemicals
which may cause gross morphological abnormalities, none would detect oestrogenic or androgenic
effects on sexual differentiation. Furthermore, basic reproductive toxicity tests in adult animals would be
more useful as screening tools if additional, more informative, end-points were included in the protocols.
Measurement of, for example, plasma vitellogenin concentration in male or immature fish would
facilitate the detection of oestrogenic activity. Moreover, if it were established that vitellogenin
production is indicative of a more serious biological effect, then this test could be used to prioritise
chemicals for further testing, or eventually replace the longer, more costly, partial life cycle tests.

In reptiles and amphibians, no statutory requirements for testing exist. Only the frog embryo toxicity
test (FETAX) has been standardised and validated in several laboratories [45]. The end-points of this test
include survival, growth and malformation of embryos and thus, as it is designed to examine
teratogenicity of chemicals to frog embryos, this test could be used to screen chemicals for
developmental effects that may be mediated by the retinoic acid receptors [32]. It is also possible that
similar tests, involving exposure of tadpoles, could be modified to assess endocrine disruption by
oestrogen receptor agonists/antagonists and/or thyroid hormone ligands.
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Table 1.

Test Dosing regimen Shortfalls Endocrine end-points

Multigeneration
reproduction and/or
continuous breeding
studies (rats and mice)

Repeated administration
throughout the
reproductive cycle of
males and females

With the addition of the
proposed modifications, there
are no shortfalls. This test will,
however need further
validation if it is to be used to
predict the likelihood of effects
in non-mammalian wildlife
species.

insemination, fertility rate,
fecundity, perinatal
development over one or more
generations.

New proposed EPA test will
also incorporate sperm count,
motility and morphology.
Oestrous cycle length,
developmental landmarks such
as vaginal opening, detailed
histopathology of the ovaries,
testes and epididymides

Prenatal developmental
toxicity studies (rats,
mice, rabbits)

Single or repeated
administration during
organogenesis of
foetuses in pregnant
animals. New proposed
EPA test will
incorporate exposure
from implantation to full
term.

With the proposed
modification, this test is now
suitable to detect effects which
might be manifest during
Sertoli cell differentiation.
However, end-points do not
include examination of
fertility, gonadal development
and histopathology in the
offspring.

Implantation, abortion, early
embryonic death, external and
internal malformation and
anomaly rate.

Avian reproductive
toxicity test (Mallard or
Japanese Quail)

Exposure via the diet for
20 weeks through to egg
hatch.

Suitable for higher tier testing,
beyond the prioritisation and
screening level although
additional end-points(e.g. body
weight, gonad weight, gonad
histopathology and gross
pathology, sex ratio) should be
examined in the offspring.
Sacrifice of offspring should be
at day 8–10 post hatch in order
to see effects on sexual
differentiation

Mortality of adults, egg
production, cracked eggs and
egg shell thickness, viability,
hatchability, effects on young
birds up to 14 days post hatch

Fish Early Life Stage
Test

Exposure from
fertilisation through to
juvenile stages

Potentially useful with
modification to include
histopathology, sex ratio and
sex differentiation

Hatchability and viability of
eggs, growth and development
of larvae including abnormal
behaviour and appearance

Fish Full Life Cycle
Test

Exposure from
fertilisation through to
8 weeks post hatch in
the second generation

No histopathology or
biochemistry end-points
included.

Very costly.

Viability of eggs, development,
growth, reproductive success
of second generation

In summary, the current scientific consensus is that there is a need to develop and/or modify hazard
identification approaches that are able to identify substances that may cause endocrine disruption in
wildlife. These tests and procedures should be optimised and validated prior to regulatory acceptance,
and should facilitate identification of endocrine-disrupting substances and their effects, both at the stage
of product development, and when they are present in the environment. Any new or revised test must
satisfy a number of minimum criteria if it is to be used for regulatory purposes. These include the
demonstration of a link between the new test and effects in a target species, the generation of useful data
for hazard identification and risk assessment, adequate validation and standardisation both between and
within laboratories using representative types of chemicals, and cost effectiveness. Whilst existing
mammalian reproductive and developmental toxicity tests are, in many cases, broadly suitable for the
assessment of reproductive toxicity of existing chemicals, more comprehensive testing needs to be
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applied to other vertebrate groups also. In addition, the inclusion of specific end-points in in vivo assays
which are indicative of the various known mechanisms of action for endocrine disrupters may prove
useful, as would the development and validation of in vitro assays that determine, for example, receptor
binding and/or activation. Indeed, although it has never been necessary to provide specific information
on mechanisms of action to regulate chemicals as reproductive toxicants, a full knowledge of the
mechanism of action would facilitate the future design and synthesis of new chemicals which do not
disrupt the endocrine system. To illustrate this point, consider a well-known historical example of
endocrine disruption, in which exposure of female dog-whelks to low concentrations of tributyl-tin
(TBT) in the marine environment, caused widespread masculinizing effects [46,47] and resulted in
sterility and local extinction of mollusc populations in contaminated areas. Although TBT was justifiably
banned several years ago without any knowledge of its mechanism of action, this knowledge [48] could
now be used to develop in vitro tests to screen chemicals for their ability to act via this mechanism.
Indeed, in cases where the mechanism of action is known or suspected, such tests, could be much less
costly and labour intensive than in vivo tests on whole animals. The development of appropriate in vitro
tests would, however, involve their validation in vivo prior to their routine application (see later
discussion on the relative merits of in vivo versus in vitro tests). A further important consideration
concerns the fate and behaviour of chemicals in the environment: There are now several documented
examples of seemingly ‘harmless’ chemicals which are rapidly converted into more detrimental
materials, via metabolism or degradation [32,49–51]. Similarly, chemicals that lose their hormonal
activity through degradation also exist. These examples suggest that the criteria for analysing the
environmental impact of a chemical should be extended to consider carefully the products of its
metabolism and natural environmental degradation in order to minimise future environmental impact.

In nature , wildlife are usually exposed to mixtures of chemicals and their degradation products (e.g.
sewage treatment work effluents), and hence in most cases, it is not clear which chemical is causing
adverse effects. Although some attempts have been made to investigate the interactions between
endocrine-disrupting chemicals when used in combination [52,53], few of these studies have tested the
individual substances at equimolar concentrations to that of the combined dose and therefore, the results
are difficult to interpret. It is a well known fact that combinations of substances can lead to enhanced
activity over that of individual substances. Indeed, additivity in other toxic reactions (e.g. narcosis) is a
recognised response where substances have similar modes of toxic action. There is also some evidence to
suggest that the metabolic pathways involved in the breakdown of some chemicals are disrupted by
exposure to other xenobiotics simultaneously[54]. The interactions between various realistic
combinations of endocrine-disrupting chemicals (for example, nonylphenol, nonylphenol ethoxylates and
nonylphenol carboxylates), are poorly understood. Consequently, there has been a growing awareness
that, despite the many difficulties, studies of interactions of chemicals with each other and the effects of
realistic mixtures of chemicals on organisms are required.
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A tiered strategy for testing chemicals has been suggested by scientists at various recent workshops [3–
5,8]. This should begin with short-term in vivo and/or in vitro tests with endocrine end-points, in order to
prioritise chemicals for further in vivo testing in chronic short-term assays, with reproductive and
developmental end-points, such as output of the gametes, or sexual differentiation of the young. The third
tier would be long-term whole life cycle studies covering one or two generations with similar end-points
to the chronic short-term assays. It is important to appreciate that, due to the complexities of the
endocrine system, any screening design should not consist of a single end-point, but rather a suite of end-
points that are reflective of the nature of the concern (e.g. oestrogenic, anti-androgenic etc.).
Furthermore, in order to facilitate the development of standardised screening protocols and inter-
laboratory validation, these end-points should be relatively easy to measure and minimise the occurrence
of false negatives or positives. In this regard, in vivo tests on whole animals appear inherently more
suitable than in vitro tests because they minimise uncertainties related to differences in xenobiotic
metabolism, bioavailability, and toxicokinetics between in vitro and in vivo systems. Notwithstanding
this, these same features may render the results of in vivo assays less useful for extrapolation between



7HVWLQJ PHWKRGV IRU HQGRFULQH�GLVUXSWLQJ FKHPLFDOV ����

� ���� ,83$&� 3XUH DQG $SSOLHG &KHPLVWU\ �������¥����

different species/vertebrate groups. In addition, the widespread application of in vivo testing could prove
to be too resource intensive to evaluate the thousands of chemicals which are of potential concern.
Indeed, the need for the development of rapid prioritisation screens, such as those which can be
conducted in vitro, becomes obvious when one considers that over 100 000 chemicals are listed on the
European inventory of Existing Chemical substances. In addition there are 1500 to 2500 new industrial
chemicals (excluding pharmaceuticals and pesticides) submitted yearly in the USA for evaluation under
the Toxic Substances Control Act; it would probably be impossible to screen all of these chemicals in
vivo. It is clear, however, that in vitro tests and predictive models based on chemical structural
similarities are intrinsically unable to perform the screening function on their own presently, due to the
sheer complexity of the endocrine system. However, information on a chemical and its mode of action
would clearly be of considerable use in the decision about which combinations of tests should be used
first. It could even be possible to proceed directly to more longer term tests, if sufficient information on
the mode of action is already known. In consideration of all of these facts, it is clear that in vitro tests, if
properly validated- in vivo , could have great utility at the initial stage of prioritisation screening.
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Structure Activity relationships (SARs) are based on the principle that the properties and behaviour of
chemicals are derived directly from their molecular and structural characteristics. Specifically SARs
describe the chemical and/or biological properties of a series of chemicals relative to their molecular
structure and/or other physicochemical properties [55]. Once such a relationship is established, it can be
used to predict the activity of untested chemicals. Consequently, SARs could serve as highly effective
tools for screening and prioritising possible EDCs for further, more detailed investigation.

It was first thought that it was not possible to predict the hormonal activity of chemicals based on a
knowledge of their structures, as not all oestrogenic chemicals, for example, appeared to have structures
which superficially resembled that of oestradiol (e.g. kepone). This difficulty, however, may, at least in
part, be attributed to the mix of chemicals in any one formulation. To illustrate this point, if chemical x
is, say, 98% pure and has 1/10 000th the potency of oestradiol-17β and the impurity has 1/200th the
potency of oestradiol-17β, then the impurity would account for the entire activity of x. Furthermore, most
industrial chemicals are complex mixtures of isomers with differing potencies and modes of action [56].
It is now clear that some (probably most) xeno-oestrogens produce their oestrogenic effects by binding to
the oestrogen receptor in an identical manner to oestradiol itself [57] and the structures of most chemicals
that are known to mimic oestradiol do appear to be based around one or more aromatic rings. Structure-
activity studies have been carried out on steroidal and non-steroidal ligands to several members of the
steroid receptor family, including the oestrogen receptor - alpha and beta [58,59], and androgen receptor
[60], amongst others. The most extensive study to date in terms of a wide variety of steroid and non-
steroidal ligands was reported by Waller et al. [58] for ER binding affinity. In this study, steric and
electrostatic properties of 55 compounds, representing oestrogens, androgens, progestrogens, phyto-
oestrogens, diethystilbesterol derivatives, organochlorine insecticides, PCBs and their hydroxylated
metabolites, phthalates, and phenols were related to binding affinity in a statistically robust and internally
consistent manner. It is becoming increasingly evident, therefore, that some central structural features of
xeno-oestrogens have to exist for them to be oestrogens, if they bind to, and exert their effects, through
the oestrogen receptor. It is likely that this is also true of chemicals that mimic other hormones by acting
through the appropriate receptors. Ultimately, predictive models describing the potential hormonal and
anti-hormonal activities of all man-made chemicals will be required. The development of such models
will require the incorporation of receptor-binding affinity data and information on the type of hormonal
effect which the chemical displays, both in vitro and in vivo.

There is some optimism that SARs will be available in a relatively short time frame(3 years), at least
for a limited number of receptors and restricted classes of chemicals. It should be remembered however,
that initial expectations of the use of SARs in the identification of EDCs may prove to be overly
optimistic. Their limitations, with respect to their predictive power, are due to the shortfalls in the in vitro
and in vivo systems used to generate the data. In general, SARs are based on in vitro data, and therefore
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extrapolation to an in vivo situation can easily lead to false negatives for compounds which are
bioactivated in vivo, or to overestimates of potency for compounds readily degraded in vivo. The two
metabolites of vinclozilin, but not the parent compound, for example, bind to the androgen receptor
resulting in the anti-androgenic activity of vinclozilin seen in vivo [51]. Similarly, the photolytic
degradation products of the insecticide s-methoprene, but not the parent compound, bind to the retinoic
acid receptor [31] and result in severe morphological deformities in amphibian embryos [32]. In addition,
it is clear that mere binding to the receptor will not be indicative of whether the compound will act as an
antagonist or an agonist. There are, however, methods to address this issue and a SAR prediction of
receptor binding could be used as a trigger to require that such an assay be performed [56]. Other
chemicals with endocrine-disrupting properties that would be difficult to detect using nuclear hormone
receptor SARs include those chemicals that do not bind to receptors. The occurrence of imposex
(masculinisation of female animals) in some marine gastropod species by TBT (which does not bind to
the ER or AR), for example, is due to inhibition of aromatase. This inhibition results in a limited
conversion of testosterone to oestradiol [48] and results in the formation of a penis in females. Other
factors which may lead to uncertainties in SARs include inter-species differences in receptor affinity and
multiple receptors in a particular hormone receptor system. Recent reports, for example [61], have
identified multiple isoforms of the oestrogen receptor in the rat; the ER alpha and ER beta are very
different in terms of their tissue distribution and affinity for ligands. There are also a number of
uncertainties that are directly related to the different SAR modelling approaches, rather than the
development of in vitro and in vivo assays in general. In particular, it is absolutely crucial that the
training-set of chemicals used to calibrate the model must be representative of the chemicals for which
the predictions are to be made. This can be achieved by systematic selection of the training set of
chemicals among a larger group of chemicals, where the major structural features which characterise
these compounds are varied systematically and simultaneously.

In summary, SARs have greatest potential as a prioritisation screen, to assess large numbers of
chemical structures simultaneously and indicate structural features which may indicate their ability to
interact with hormone receptors. The identification and subsequent testing of natural degradation
products and metabolites would greatly enhance their applicability and widespread use. It is unlikely,
however, that they can perform the screening function on their own due to the sheer complexity of the
endocrine system of intact organisms.
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The incorporation of in vitro tests into the assessment of the impact of endocrine modulating chemicals
on wildlife species offers a number of advantages and is consistent with the guidelines set-forth in the
EEC Directive 86/609/EEC which states that, ‘an experiment shall not be performed if another
scientifically satisfactory method of obtaining the result sought, not entailing the use of an animal, is
reasonably and practically available’, and hence emphasises the fact in vivo tests should be replaced with
in vitro tests wherever possible. Several in vitro assays for measuring oestrogen/anti-oestrogen,
androgen/anti-androgen and dioxin-like activity of individual compounds or complex mixtures have been
developed. These assays use a variety of end-points, including enzyme and gene induction, ligand
binding, increased protein expression and cell proliferation and differentiation [62]. It is noteworthy
however, that none of these tests have ever been applied in a regulatory manner. The advantages and
limitations of the various in vitro screens have been reviewed in detail elsewhere [62]. In the following
section, several of these assays will be briefly discussed . Although these examples describe assays used
to implicate substances as xeno-oestrogens, the same principles can be ascribed to any chemical which
exerts its action through a nuclear hormone receptor.

&203(7,7,9( 5(&(3725 %,1',1* $66$<6

Competitive binding assays for the oestrogen receptor have been extensively used to investigate the
interactions of various ligands with the ER [52,57]. Typically, the ability of increasing concentrations of a
test compound to displace radiolabelled ligand from the receptor is assessed and hence, although these
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assays cannot distinguish between receptor agonists and antagonists, they are useful in providing an
initial assessment of whether a suspect chemical or its metabolites/degradates are likely to bind to the
ER. It should be remembered, however, that mere binding to the ER is not sufficient to determine
oestrogenicity of a substance, since potency is dependent on binding affinity and the ability to initiate or
inhibit transcriptional activity and hence, cause an adverse response. Moreover, high concentrations of a
competitor ligand may result in non-competitive displacement. At these high concentrations (in the
micromolar range), many of the xeno-oestrogens tested may also approach the limits of solubility, thus
making the interpretation of any results sometimes difficult.

&(// 352/,)(5$7,21 $66$<6

Traditionally, assays involving the proliferation of ER-positive, oestrogen-responsive MCF-7 or t47-D
human breast cancer cells have been widely used for the assessment of oestrogenic substances. It is a
well-known fact that oestrogens induce cell proliferation of human oestrogen-sensitive cells by negating
the inhibitory effect of a cell proliferation repressing factor. The ‘E-Screen’ [63]evaluates the number of
cells present following a 6-day incubation period in medium supplemented with steroid-stripped serum in
the presence or absence of a suspect xeno-oestrogen. Cell proliferation is measured using a Coulter
Counter or haemocytometer or by determining the level of tritiated thymidine incorporation. The
reported detection limit of 10 pgE2/mL (30 pM) makes the MCF-7 cell E-Screen one of the most
sensitive assays for assessing oestrogenicity of EDCs. Many factors have, however, been shown to
influence the relative potency of oestrogenic substances, including differences between cell line clones,
culture conditions, receptor level differences, differences in serum and cell density (see Zacherewski [62]
for a comparison between studies). In addition, the level of oestradiol necessary for optimal growth
stimulation has been reported to range from 10 nM to 10 pM whilst the level of induction ranges from 0.4
to 8.0-fold! [64]. It must also be noted that, to date, several mitogens have also been found to enhance the
proliferation of human breast cancer cells [65]and therefore caution must be exercised when using this
assay alone to screen chemicals for oestrogenic activity. Further disadvantages that would affect
regulatory acceptance of this screen include the lack of equivalent cell lines with proliferative end-points
in wildlife species and therefore the questionable predictiveness of in vivo effects in wildlife.

3527(,1 352'8&7,21 $66$<6

The induction of several proteins by various types of cultured cell have also been used to assess
oestrogenic potency of suspect chemicals. Examples of these include induction of the progesterone
receptor and increased expression of pS2 in breast cancer cells, prolactin production by immature rat
pituitary cells and induction of vitellogenin production by fish liver cells [66–69]. The end-points
employed in such assays are highly specific and sensitive and also allow distinctions to be made between
agonist and antagonist. In addition, the use of a wide variety of cell line origins enables the investigation
of agonist and antagonist activities in different potential target tissues, which may be an important factor
when extrapolating between tissues and species. Tamoxifen, for example, exhibits anti-oestrogenic
activity in breast tissue and cells but is weakly agonistic in the uterus and endometrial cells [70]. Cross-
species differences are seen with the human anti-progestin RU486 which is inactive in chickens and
hamsters because it does not bind to the receptor due to a single point mutation within the ligand binding
domain of the chicken and the hamster progesterone receptor [71]. The major disadvantage of these
screens is that the measurement of the oestrogen-induced protein often involves laborious and
sophisticated techniques. In addition, the fish liver cell assay requires the fresh isolation of cells for
primary culture each time it is carried out and thus, would not be suitable for widespread regulatory use.

*(1( (;35(66,21 $66$<6

The construction of recombinant reporter genes consisting of promoters from oestrogen-responsive genes
linked to reporter genes encoding firefly luciferase, chloramphenicol acetyl-transferase (CAT),
β-galactosidase (LacZ), or alkaline phosphatase have provided probably the most sensitive, selective and
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easily performed in vitro assays currently available. Typically, these genes are transfected into cultured
animal cells containing the oestrogen receptor which are then challenged by the suspect xeno-oestrogen.
Interaction and subsequent activation of the receptor causes the production of the reporter gene which
can easily be measured. Various types of reporter construct can be used, the simplest of which employ
endogenous promoters such as the vitellogenin complement(C3), or cathepsin D promoters. These
promoters consist of several hundred base pairs of the 5' flanking regulatory region, and are, therefore,
still susceptible to mechanisms of induction that are not mediated by the ER [72]. This pitfall has,
however been overcome by the use of reporter genes regulated by the 13 base pair vitellogenin A2
oestrogen response element [52,57]which ensures that induction of the reporter only occurs via the ERE.
Even this approach is not without complications, since other receptors for retinoids and thyroxine can
interact with the ERE and thus modulate reporter gene activity [73,74]. It should be noted however, that
the interaction of other receptors with the ERE is also a feature of natural oestrogen-responsive genes in
the intact animal and thus, should not necessarily be regarded as a limitation of this assay. There is
however a lack of availability of species-specific cell lines to enable cross-validation of this test between
different species or vertebrate groups presently.

Chimeric receptor/reporter gene constructs have also been proven to have utility in screening
chemicals for oestrogenic activity. For example, the E2 Bioassay [75]consists of a chimeric receptor
(with ligand binding domain of the ER and the DNA binding domain of the yeast transcription factor
Gal4) and a Gal4-regulated reporter gene consisting of the firefly luciferase cDNA regulated by a basal
promoter and five tandem Gal4 response elements. Both of these constructs are transfected into recipient
cells which are then challenged with chemical(s) under test. In this assay, oestrogenic chemicals will bind
to the ER ligand binding domain of the chimeric receptor and transform the construct into an activated
high affinity DNA binding receptor complex which binds to the Gal4 response element on the luciferase
reporter gene. Binding of this activated complex will then initiate expression of the firefly luciferase
cDNA which, in turn results in the induction of luciferase activity. Thus, luciferase activity is a direct
measure of oestrogenic activity which can be detected in the pM range. Moreover, since no mammalian
proteins are known to bind to this response element, increases in reporter gene activity can only occur via
the activation of the chimeric receptor. Using these techniques, it should be possible to construct E2
bioassays in a variety of animals, such as fish and birds, using the ligand binding domain of their
respective ER receptors. This assumes, of course, that the gene sequences of these receptors in the
various species are known; ER receptor gene sequences are only known for a limited number of species
in each vertebrate class. Other limitations of chimeric assays include a variation in responsiveness that
may be due to differences in the quality of DNA used in the transfection, the types of cells used and/or
differences in the level of expression of the oestrogen receptor [76].

<($67�%$6(' $66$<6

Gene transcription assays based on the yeast strain Saccharomyces cerevisiae [77] have several
advantages over other known systems, including the lack of known endogenous oestrogen receptors and
medium that is free of steroids that may otherwise influence the results. Indeed, due to the extreme
sensitivity of these assays, oestrogenic activity can be detected down to 0.07 pM [78]. Most of the
published examples of yeast based assays are based on yeast transformed with the human ER cDNA and
an ERE-regulated LacZ reporter that encodes for a β-galactosidase enzyme [79]. In some instances, the
galactosidase enzyme is secreted into the medium, where it reacts with a substrate and causes a colour
change from yellow to red. These assays have great potential as initial screening tools for receptor-
mediated effects and have been used to investigate the structural activity relationships of a wide range of
alkylphenolic chemicals and organochlorines [80]. Some strains, however, exhibit agonistic activity in the
presence of known anti-oestrogens such as tamoxifen and ICI 164,384, rather than antagonistic activity
and are therefore of more limited use [81]. As with all in vitro assays, the regulatory acceptance of yeast-
based screens awaits more thorough validation and optimization, as well as confirmation using in vivo
tests.
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The advantages of in vitro tests, in general, include cost effectiveness, speed of the test, reproducibility
(consistency), capability of handling large numbers of samples and indication of the mechanism of
action. Moreover, synergistic, antagonistic and additive interactions may be studied (albeit at a single
site) within complex mixtures. Furthermore, in most documented cases, the results are consistent between
in vitro and in vivo assays. Thus, metabolites of PCBs (hydroxyl-PCBs) are oestrogenic in receptor-
binding assays, cell systems and whole animals (reptiles and birds), and alkylphenolic compounds are
oestrogenic in receptor-binding assays [57], cell-systems [82]and the mouse uterine weight assay [83].
However, some chemicals can be inactive in in vitro assays, but active in vivo (such as mestranol, used in
the contraceptive pill) , due to metabolism, whereas other chemicals can be active in vitro, but not in
vivo, presumably due to biodegradation/metabolism. For example, several phthalate chemicals although
shown to be active in vitro [52,84], in receptor binding assays, are inactive in vivo in the uterine weight
bioassay [85]. These difficulties are, however, not insurmountable and could be addressed if metabolites
and/or degradation products are also tested. Yet another limitation of in vitro bioassays is that they do
not account for the effects of bioconcentration and bioaccumulation which may be important factors in
vivo wildlife effects. In addition, they cannot accurately model the interactions involving the induction of
binding proteins such as sex-hormone binding globulins that may modulate the uptake and metabolism of
sex-steroids or identify critical windows within the life cycle of an organism which may be sensitive to
endocrine disruption. There have also been some problems with a few of these in vitro techniques with
respect to consistency of results between the different laboratories in which they have been employed. As
an example, using MCF-7 cells, some laboratories show that some pesticides, including dieldrin and
endosulfan, are oestrogenic [53], but in others they are not [86]. Similarly, using the different recombinant
yeast screens , into which a gene for the human receptor has been incorporated, different laboratories
have found that specific mixtures of oestrogenic chemicals can have very different potencies [87].

The assays which are briefly described here specifically screen for xeno-oestrogens that act via the
oestrogen receptor. However, some endocrine-disrupting effects , such as changes in the metabolism of
E2 and the effects of dioxins and some PCBs [48,88] are either mediated via different receptors, or via
effects on the enzymes controlling the biosynthesis of steroid hormones. In the former case, the
principles behind assays that may be suitable for screening are exactly the same as those described above
and, therefore, will not be repeated. In the latter case, it should be possible to culture steroidogenic
tissues in the presence of suspect chemicals and measure the concentrations of sex steroids produced by
immunoassay. In many wildlife species, however, established cell lines are not available presently .

In summary, although the utility of in vitro assays is apparent, concerns have been expressed
regarding their use in the risk assessment process. There are, however, few feasible alternatives that are
capable of handling the vast numbers of samples in question. Indeed, as the list of chemicals that require
testing continues to grow, the need for a means of prioritising substances via in vitro testing becomes
apparent. Thus, although it is widely recognised that in vitro tests are complementary to, and not
substitutes for in vivo tests on whole animals, several in vitro assays are currently being evaluated by
scientists and regulators in an effort to identify those tests that can most reliably contribute to the risk
assessment process. This process will, of course, involve validation using appropriate in vivo tests.

,1 9,92 7(676 �*(1(5$/ 35,1&,3/(6�

In vivo tests are more useful than in vitro tests in several respects; they facilitate the evaluation of mixed
mechanisms of action and can be used to evaluate numerous end-points (from molecular markers to
gonadal histopathology). The administration of a test substance or mixture to a sentinel/surrogate species
can be carried out relatively easily to mimic an exposure scenario encountered in the environment. In
addition, a whole living organism might metabolise an inactive test chemical to active metabolic products
or vice versa [51,89]. In view of the above, the importance of in vivo screening and testing methods which
are able to identify endocrine disrupters before they are released into the environment (i.e. prioritisation
screens) is paramount. In addition, the development of biomarkers indicative of endocrine effects would
facilitate the assessment of affected populations in the field.
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The basic purpose of a prioritisation screen would be to establish the plausibility of a chemical acting
through a particular mechanism, that is, in terms of (anti-) oestrogenic/androgenic responses, and
therefore, it has been argued that the body burden of the chemical in question may be more important
than the route of exposure. In this respect, techniques such as micro injection of chemicals/mixtures into
eggs or intraperitoneal injection into adults could prove useful as these methods can also be modified to
screen complex mixtures of potential EDCs. It should be remembered however, that these methods can
create problems; for example, if the chemical in question is toxic and causes a cessation of feeding, or a
change in an endocrine effect as a secondary result of other toxicity mechanisms. Prioritisation tests
should be followed up by long-term whole life cycle studies, also with reproductive and developmental
end-points. Subsequently, the route of exposure should mimic that seen in the real world. In fish, for
example, the principle route of exposure depends on a variety of factors, including water chemistry, the
physical and chemical characteristics of the compound, and the biology of the species in question. When
designing a particular test system, all of these factors should be considered. In addition, wherever
possible, all tests should be accompanied by analytical support to relate effects observed with actual
water concentrations or body burdens of the chemical in question.

Any study, whether for prioritisation, sub-chronic or chronic testing should be based on a traditional
dose-response design. Three to five doses, which must include at least some environmentally realistic
concentrations, should be used for range finding, and therefore adequate research into the known
environmental concentrations of the chemical in question must be carried out.

5HSUHVHQWDWLYH VSHFLHV

Establishing a minimum number of surrogate species that are representative of all other species is
envisaged to be one of the biggest problems which toxicologists will encounter during the development
of in vivo tests. The reason for this is primarily because there are substantial shortfalls in the state of
scientific knowledge concerning the basic endocrinology which controls reproduction and development
in most, if not all, animals. In vertebrates, the organisation of the neuroendocrine regulatory system and
the hypothalamic-pituitary axis are reasonably well conserved. In addition, several of the biochemical
pathways involved in the synthesis and action of steroid hormones are similar among vertebrates.
Although the basic hormonal systems have been conserved during evolution, there are some clear
differences and therefore it is very difficult to extrapolate with any degree of confidence between species.
In male birds, for example, primary differentiation of the testes is influenced by oestradiol, whereas in
mammals differentiation is under the control of testosterone. Similarly, egg-shell thinning in birds [90]
could not be predicted by a mammalian or fish-based test and metamorphic effects on amphibian species
could not be predicted using any other vertebrate group. Species or class differences with respect to
metabolic activation or deactivation of EDCs also exist. For example, fish have lower phase 1 and 2
metabolising activity than birds and mammals [91,92] and therefore a chemical of concern might be
deactivated by oxidative metabolism in mammals whilst remaining active in fish. In consideration of
these facts, a screening paradigm for wildlife should ideally include in vivo assays with several model
species with well characterised endocrinology and physiology (e.g. rats and mice) representative of the
animal classes of concern. Notwithstanding this, the ultimate aim would be to minimise the number of
species used in such tests, therefore, it is of primary importance to establish end-points which might be
extrapolated from species to species. This can only be achieved by cross-validation of effects seen in
different phyla/classes using the same chemical and dosing regime together with the same route of
exposure.

35,25,7,6$7,21 6&5((16 ,1 9,92

Any successful prioritisation screen for EDCs should have a limited number of relevant end-points and
be of short duration. Existing regulatory tests, for mammals, of short duration are generally inadequate
because they are designed to assess acute(single dose) toxicity of a given chemical and do not employ
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endocrine end-points. In addition, the doses employed are extremely high, which can make the
interpretation of any data difficult due to overt toxicity. Similarly, there are no non-mammalian
regulatory tests which would be appropriate for prioritising chemicals for further testing of potential
EDCs in sub-chronic or chronic models. In contrast, there are a number of non-regulatory bioassays, both
mammalian and non-mammalian which could be developed for use in identifying EDCs; some of these
are described briefly in the following section.

0DPPDOV

The rodent uterotrophic and vaginotrophic models have been used for many decades as bioassays for
oestrogen and anti-oestrogen chemicals [93–95]. Due to the diversity in the designs employed, there is
presently no definitive and generally accepted protocol for either of these assays. Although mice can in
some cases be more sensitive than rats, the rat is the species most widely employed in routine toxicology,
thus making it the preferred default species. The general protocol involves administration of the test
chemical, either orally or by injection, to ovariectomised animals. Most studies appear to adopt a three
day treatment period with sacrifice on the fourth day. Although some authors have indicated that
ovariectomy is unnecessary, in order to ensure a consistent response, it is suggested that ovariectomised
or immature non-ovariectomised animals are preferable. A variety of end-points are possible for the
uterotrophic assay. These include uterine weight, mitotic rate, histopathological structural changes and a
range of complex biochemical end-points. In terms of a simple screening tool, it is not necessary to
understand the mechanics of any effects seen and therefore, the use of uterine weight alone is probably a
sufficient measure of uterine growth. Similarly, in the vaginotrophic model, vaginal washing followed by
histological examination of the cells obtained has been suggested as a simple indicator of the induction
of oestrous [95] and may therefore be preferable as a first level screening tool.

Prostatic weight was recently proposed as an initial screen for androgenic activity [96]. As is the case
in the uterotrophic assay, the use of castrated animals permits greater control of the model and facilitates
detection of androgenic activity. The tests generally involve administration of the treatment to young
adult males for 15 days or more, followed by subsequent removal of the prostate. As is the case in the
uterotrophic assay, weight increases in the prostate may arise as a result of other mechanisms, e.g. tissue
oedema or inflammation. This is, however, probably not a significant problem when such a test is used as
an initial screen.

There are also a large number of mammalian androgen-responsive genes that are known and for which
antibodies and molecular probes are present. For example, rat urinary protein, alpha-2u-globulin is
synthesised in the liver in response to androgens and is secreted into the blood. Its gene is controlled by
an androgen response element and it would therefore be expected to be sensitive to anti-androgens.

1RQ�PDPPDOLDQ PRGHOV

There are a number of non-regulatory protocols which have the potential for use in prioritisation
screening in non-mammalian vertebrates. One of the most widely used methods for monitoring
oestrogenic activity in oviparous species is the assay for vitellogenin [97], a female yolk protein
precursor, that is synthesised by the liver in response to oestrogenic stimulation. In mature female fish,
this protein is sequestered by the growing oocytes in the ovary and cleaved to form the major
constituents of yolk. Males or immature females have also been demonstrated to produce this protein,
which can be detected in the blood plasma, in response to exogenous oestrogenic stimulation. The test
chemical can be administered via injection, orally or, in the case of aquatic organisms, via the water. A
response should be measurable, at least in fish, in 3–4 days. Although the scientific basis for the selection
of this protein as a biomarker for oestrogenic stimulation is well established, the toxicological and
ecological significance of the production of this protein is still in question. It is known, however, that
excessive amounts of VTG can result in kidney damage [98]. In addition, the production of this protein
has been associated with an inhibition of testicular growth [33]. Assays using RIA or ELISA techniques
to directly measure vitellogenin are well established and have proved suitable for both field and
laboratory experiments on a wide range of chemicals [97,99,100]. The only problems relate to a lack of
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standardisation of the study protocols together with the highly species-specific responsiveness of the
antibodies used to date. Future research efforts should perhaps be directed towards widely responsive or
even universal vitellogenin immunoassays.

Presently, no equivalent marker for androgenic activity is available. It is known, however, that in
certain fish species, secondary sexual characteristics are androgen responsive. For example, in the
sexually dimorphic poecilid mosquito fish, females are capable of responding to androgenic stimulation
by developing male characteristics within a relatively short time of exposure [101]. It should be noted,
however, that the factors controlling such responses, are in some cases, species specific. Consequently, it
will be necessary to determine the sensitivity and specificity of such models before advocating their use.

In birds, both comb and wattle growth are very sensitive to androgenic and anti-androgenic
stimulation [102]. Potential EDCs could be directly applied to the comb of 2–3 day old chicks daily for a
period of 7 days after which the chicks are sacrificed and compared with a positive control. In addition,
in female birds, the oviduct weight can be used as an indicator of oestrogen exposure and is analogous to
the mammalian test of uterine weight.

/,)( &<&/( 7(676

The endocrine system is extremely complex and therefore the selection of end-points for any test is
problematical. Every event is a chain of interdependent, mutually controlling, and cyclic reactions. The
final result is frequently the product of a whole series of phenomena, all of which must occur in a
properly timed sequence if they are to culminate in a normal and predictable effect on the end organ they
affect. Thus, in order to understand the intricacies of the hormonal interplays that produce the final
result, for example, copulation, one must think of the whole chain of events rather than the single events
that make up the chain. For example, gland A secretes hormone A which stimulates end organ 1 to grow
and gland B to secrete hormone B. In turn, hormone B modifies the rate of secretion of hormone A from
gland A and stimulates end organ 2. Some interrelations in the endocrine system are simpler than this,
and most are more complex, but basically they all follow the same scheme. If a chemical is to be
adequately tested, therefore, it is dangerous to examine only a single end-point, since almost any process
which is involved in reproduction and/or development can be affected by exposure to a single chemical,
or mixture. In addition, chemicals which are administered maternally may affect the offspring, rather than
the mother. Whole life-cycle or partial life cycle tests are therefore the most preferable method of testing,
although they are often more complex. These tests should be used as tools to investigate the reproductive
and developmental effects of chemicals that have been selected previously, using in vitro or in vivo
prioritisation screens. In addition, their design would allow the selection of a more modest number of
end-points, rather than a single one. These end-points should be quantifiable across a wide dose-range. In
addition, the importance of both negative and positive controls cannot be over stressed. Data generated
in life cycle tests, whether short-term (partial) or long term(whole) will probably be used in a risk
assessment context. Therefore, it is at this stage that close attention should be paid to the method/route
and timing of exposure. Testing should be carried out on eggs/embryos or early life stages as well as on
mature adults in order to determine any differential effects due to the time of exposure. Indeed, as
outlined previously, there has been some suggestion that early life stages may be more sensitive than
during adulthood and hence this procedure will also establish whether one or the other (or both) is more
appropriate for hazard identification.

(DUO\ OLIH VWDJH WHVWV

There is now a growing body of evidence which suggests that exposure to EDCs during early life can
affect/disrupt the growth and differentiation of the reproductive tract and accessory organs [103] in all
vertebrates, as already outlined above. These types of study would require a minimal amount of
experimental effort, as exposure to a test chemical or mixture would only occur during the relatively
short period of sexual differentiation after which, the animals could be transferred to a ‘chemical-free’
environment. Fundamental research is also needed to evaluate the consequences of any organisational
effects seen, e.g. differentiation of a female reproductive tract in a genetically male animal. Indeed, these
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early life stage tests could be extended to a stage when the animals have reached maturity in order that
gamete quality and quantity, and/or reproductive success could be evaluated. During the development
and validation of such tests, it will also be important to establish a minimum period of exposure in order
that the test can be carried out as quickly as possible. To illustrate this point, Kelce & Wilson [104]
suggested that dosing chemicals to newly weaned male rats for 1 month would be a useful assay for anti-
androgens, causing a reduction in the weight of the accessory sex organs. In a more recent study [105],
however, a shorter exposure period of fourteen days was reported to be sufficient, whilst Mylchreest et
al.[106] report that the period spanning lactation may be more important than the period of
organogenesis [106]. Exposure to EDCs may also alter physical growth and/or cellular organisation of the
gonadal tissue. For example, in juvenile or adult fish, the growth and development of the gonad is
sensitive to endocrine disruption; exposure of male rainbow trout to nonylphenolic chemicals can retard
the growth of the testes and inhibit development [33]. It is also important to note that measuring organ
weight as an end-point after exposure to a test chemical can produce results which are extremely difficult
to interpret. For example, the gonad weight might be expected to increase as a result of exposure to an
androgenic substance and therefore the gonadosomatic index (gonad weight relative to body weight)
would also increase. Similarly, an inhibition of growth would also cause an increase in the
gonadosomatic index, even when there are no differences in the absolute weights of the gonads. In one
study, increases in the relative weights of the liver testes and epididymides of the control animals were
reported over a 14 day period, concomitantly with a decrease in the relative weights of the kidney,
seminal vesicles and prostate. The authors of this study caution that large group sizes will be required,
together with in-house control tissue weight data in order to successfully validate such assays [105].
These problems are confounded by the fact that the reproducibility of any rodent-based assay may also
depend on the strain of rat used.

In most vertebrate groups, there are currently no internationally agreed regulatory tests that are
specifically designed to assess sexual differentiation and development. In some cases, however, existing
tests do incorporate such end-points(e.g. nipple retention and anogenital distance), particularly in
mammals, where the standard developmental toxicity test is capable of detecting the effects of steroid
hormones on structural development. Indeed, this test has very recently been made even more responsive
by extension of the dosing period through the end of gestation.

Sub-chronic tests which focus on exposure during early life stages are also needed in non-mammalian
vertebrates such as fish. It has already been mentioned that exposure of fish to hormones, their
antagonists, or mimics, during sexual differentiation (embryonic or after hatching) [18,19,107,108] can
result in disruption of the reproductive tract (could be irreversible) inhibited spermatogenesis, for
example, and sterility. The development of an oviduct, for example, in a genetically male fish, has been
proposed as an biomarker of oestrogen exposure [18]. The exposure period may only need to be short (a
matter of several days or weeks in some species), and the animals could be sampled immediately after the
end of the exposure period. Histopathology would normally be required to detect more subtle changes in
gonad structure. Knowledge of the period of sexual differentiation in the test fish species is vital for the
success of this bioassay, since this may vary vastly from species to species. In addition, the test species
should be well characterised with respect to the regulation of sexual differentiation. In some fish species,
such as the channel catfish, exposure to androgens causes feminization, whilst in other species, water
temperature can also affect sex determination and sex ratios. Some fish change sex (sequential
hermaphrodites) as a normal part of their life cycle, whilst others undergo a transient period of
intersexuality during the juvenile phase.

In fish, the US EPA has a fish early life stage toxicity test [109] in which exposure is at fertilisation
through hatch and first feed. The end-points include successful hatch, survival, growth and
developmental/behavioural abnormalities. With few modifications, this test could be used with an
appropriate test species. Indeed, Arcand-Hoy & Benson [110] recently proposed the use of the Japanese
medaka as a test species both at the early life stage, and during adulthood. This species has the advantage
that it is sexually mature six-eight weeks post hatch, whist many larger fish species may take up to two
years to reach sexual maturity. Other suitable species with clearly defined reproductive behaviours and
short life cycles include guppy, goldfish, sheepshead minnow, fathead minnow, fundulus, and the
zebrafish. Some of these species (e.g. goldfish) are suitable because a reasonable amount is known about
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their basic endocrinology. Other species, such as the fathead minnow, sheepshead, zebra fish and medaka
are appropriate because they are already used in regulatory chronic toxicity studies. Other species are
attractive on the basis of understanding of the basis of genetics underlying development and reproduction
(e.g. fundulus, zebra fish).

Other classes of non-mammalian vertebrate are also sensitive to endocrine disruption during early
development. For example, in amphibians reptiles and birds, sexual differentiation and gonadal
development are both dependent on hormones, particularly oestradiol, and are therefore sensitive to
endocrine disrupters. In birds, sexual differentiation is also dependent on hormones, particularly
oestradiol. A suitable test might include the morphological alteration in the differentiation of the
reproductive tract of embryonic or recently hatched animals. In reptiles and birds, topical application of
the test chemical is suggested as a more preferable and realistic route of exposure than injection; the
latter, although widely used, is considered to be completely unnatural and should not be used for
anything other than prioritising chemicals for further testing. The process of sexual differentiation in all
reptiles is, to a large extent, temperature dependent, although it can be affected by exposure to anti-
hormones or hormones. Consequently, reptiles may not be the most preferable type of animal to use
routinely in a regulatory screen. Conversely, amphibians could be a very useful group of animals for
research into endocrine disruption. They are primarily terrestrial, although they are dependent on water
for reproduction. They are also noted for their diverse reproductive strategies, including external
fertilisation, internal fertilisation, oviparity, ovoviviparity and viviparity. The majority lay their eggs or
young in water, and therefore it should be relatively easy to expose them to any test chemicals via this
route. Indeed, so much is known about embryological development and metamorphosis in, for example,
Xenopus laevis, that it has great potential as a test species for endocrine disruption. Sex reversal of
tadpoles has been accomplished with genetically male Xenopus [111]exposed to oestrogens, and
Ramsdell et al. [112] obtained the same response with nonylphenol. Several laboratories will be working
with this test in the near future, in order to validate it. Thyroxine controls development and
metamorphosis in amphibians and therefore this species is of potential use in the study of thyroid
hormone modulators (some PCBs, for example). Furthermore, short term bioassays, in which embryo
development is assessed in Xenopus laevis, already exist, and are commercially available. For example,
the FETAX 96-h embryo toxicity test was designed to assess the teratogenic potential of test chemicals
[45]. The outcome of this assay is assessed by the concentration required to induce 50% mortality (96-h
LC50), the concentration required to deform 50% of the individuals (96-h EC50) and the minimum
concentration required to inhibit growth (MCIG). From these variables, a teratogenic index is calculated
by dividing the LC50 by the EC50. The FETAX test is well suited for testing either pure compounds or
complex mixtures, such as industrial effluents or mixtures found at hazardous waste sites. Indeed, with
little modification (allowing the individual tadpoles to undergo metamorphosis in clean water, after
exposure), this test has been successfully used to evaluate the developmental toxicity of some retinoic
acids and, perhaps more importantly, the metabolites and the photoisomers of the pesticide s-methoprene
[32] that are retinoic acid mimics. This recent finding is of great importance as it serves to illustrate
further that toxicity testing for new and existing chemicals must be extended to their metabolites and
degradation products. Indeed, the environmental hazard posed by s-methoprene could have been detected
using existing tests and procedures prior to its use, if only a full examination of its natural degradation
and metabolism had been carried out.

$GXOW OLIH VWDJH WHVWV

Sub-chronic tests in which reproductive capacity is assessed could also be carried out on adult animals.
End-points to be evaluated during the exposure period could include mating behaviour, secondary sexual
characteristics(e.g. colour in fish, pattern formation in amphibians), time to first hatch, fecundity(number
of eggs produced per female) or number of offspring (in non-egg layers), sperm production, sex steroid
concentrations, and vitellogenin induction in male oviparous vertebrates. In amphibians, new tests would
have to be devised to evaluate thyroid function.

Plasma steroid concentrations are usually measured using RIA or ELISA techniques with monoclonal
antibodies to mammalian oestradiol and testosterone. In some fish, 11-ketotestosterone may be a more
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proximal measure of androgenic activity than testosterone [113]. Antisera to this hormone can, however,
be difficult to obtain. Similarly, antisera for the maturation-inducing progestrogen steroids are limited in
availability. As with vitellogenin, steroids are more difficult to measure in small animal species because
of a limited blood volume; however steroid measurements of extracts of whole body or gonadal tissue
may be useful as alternative indicators of steroidogenic activity. Another concern is that fluctuations
normally occur through the course of the reproductive cycle and, in some species, throughout the day.
Data on these types of cyclical variations are not available in many species.

The ratio of gonad weight to body weight is a useful screening end-point for indication of (anti-)
oestrogenic/androgenic effects because it is easily measured and applicable to both sexes. Changes in this
parameter are indicative of changes in circulating hormone levels and even likely reproductive success.
Its major shortfall relates to the fact that it changes rapidly during the reproductive cycle of annual
breeders; comparisons can therefore only be made in animals which are at the same stage of
gameteogenesis.

The mating behaviour of any animal which does not have a particular, easily recognisable sexual
pairing behaviour might not be an advisable parameter to attempt to measure, as it would be difficult to
quantify. In addition, some secondary sexual characteristics, such as coloration, are highly subjective and
variable. The evaluation of gamete quality is a highly integrative end-point that reflects a variety of
mechanisms affected by EDCs and is generally applicable to all species. Gamete size, ovulation, and
hydration can all be assessed with relative ease. Furthermore, the development of methods to assess
sperm production in some vertebrate groups (e.g. fish) is needed. This may include sperm counting with
a haemocytometer, the use of Coulter counter cells, image analysis with a computer assisted sperm
tracker [114], or a more general assessment of sperm production, using the spermatocrit [115]. There are
many difficulties involved in assessing sperm quality however; the only definitive method is to examine
fertilisation success and this is to be encouraged whenever possible.

:+2/( /,)( &<&/( 7(676

The highest degree of complexity for testing the effects of chemical substances on development and
reproduction is manifested in whole life cycle or multigeneration studies. It is in this area that current
testing methodologies are the most developed, particularly in mammals where the current OECD
guidelines for laboratory mammals evaluate many end-points that are under endocrine control. Most
pertinent of these for assessing effects on reproduction and development are the one and two generation
tests. These chronic studies do include exposure during the perinatal period and the designs are very
detailed with numerous end-points. Criteria evaluated include fertility, fecundity, sexual behaviour,
gametogenesis, ovulation and spermiation, implantation, development of specific tissues and organs,
maintenance of pregnancy, parturition, growth and viability of offspring, lactation and maternal
behaviour. All of these parameters are sensitive to endocrine-mediated toxicity and therefore tests such
as these would be appropriate after some modification to include additional end-points such as sperm
production, sperm motility, accessory sex organ weight, daily vaginal cytology (in females) to evaluate
the duration of the oestrous cycle, gonadal histopathology, and sex steroid production. The two
generation reproductive toxicity tests are regarded as the most rigorous of the current tests, since they
permit an in-depth study of the growth, development and sexual functionality of the F1 generation as well
as the monitoring of the subsequent (F2) generation through to weaning. Examination of offspring (such
as the F1 or F2), which have been exposed to chemicals in-utero, should include end-points such as the
timing of vaginal opening, testicular descent, anogenital distance, nipple retention, accessory sex organ
weight and vaginal cytology.

Similarly, in birds, there are existing tests which could be modified to evaluate end-points for
endocrine disruption. Specifically, the US EPA has tests under the Federal Insecticide Fungicide and
Rodenticide Act (FIFRA), and the OECD using northern bobwhite quail , mallard duck and Japanese
quail. The mallard test can evaluate egg-shell thinning, but the other species are not generally susceptible
to this end-point. This test requires more than 20 weeks to complete, including acclimatisation and pre-
reproductive 8 week exposure followed by 10 weeks of egg collection. Both males and females are
exposed via feeding and reproduction is assessed using pairs. Egg viability, hatching success (in



���� 6� -2%/,1*

� ���� ,83$&� 3XUH DQG $SSOLHG &KHPLVWU\ ��� ����¥����

incubators) and survival are all examined. The strengths and weaknesses of this test are discussed in
[116]. In general, this test is excellent for chemicals which have a propensity to bioaccumulate or are
persistent, however, artificial incubation removes parental behaviour which may be affected by exposure
to the test chemical. In addition, it does not serve as an indicator of oestrogenic/androgenic effects and
does not evaluate the F1 after hatch. A proposed modified test [117]would employ Japanese quail pairs,
rather than the mallard because the Japanese quail has a short generation time and thus makes the test a
lot shorter. After only 10 weeks (including the pre-reproductive period), shell thickness, sex ratios of the
progeny, gonad weight, sex accessory gland weight, oviduct weight of hatched chicks, and
histopathology of the reproductive tract could all be examined. The offspring could be sacrificed at only
8–10 days post hatch since at this stage , the sex cells in the gonads are clearly defined. Key indicators of
change in the gonads of the offspring would include polyovular follicles in the ovaries of females and
primary follicles in the cortex of the testes of males. This test could easily be extended; the offspring
could be raised to adulthood and pair bred to evaluate shell quality, fertility, embryo hatchability and
growth.

In fish, as is the case in birds and mammals, existing a whole life cycle toxicity testing guidelines need
to be adapted to include procedures which would allow analysis of endocrine-specific effects. In a whole
life-cycle test, exposure would be over a two to four week period, whilst the fish are in mated pairs or
groups. A wide range of end-points could then be examined, including sexual behaviour, secondary
sexual characteristics, time to first hatch, fecundity, sperm production, steroid concentrations and
vitellogenin induction. In multigenerational tests, the F1 generation could also be examined with or
without exposure to the test chemical/mixture. Sexual differentiation, gonadal growth and development
and hormone production and/or the production of gametes are all suggested parameters. In all tests, it is
important to determine the significance of changes in hormone or protein synthesis, by linking them to
biological end-points such as gonadal growth, for example. Another point ,that is well worthy of a
mention here, is that almost all of the methods that are suggested in this manuscript involve sacrificial
sampling at the end of the experiment and thus, are destructive. Whilst this presents few problems in
laboratory-based studies, these methods are hardly suitable for use in monitoring wild populations for
endocrine effects. There is, therefore, a real need for the development of non-destructive biomarkers that
are indicative of biological effects. For example, intersexuality in fish, as a result of exposure to
oestrogenic contaminants, may be widespread in wild populations of fish; a non-destructive biomarker
for this phenomenon would, therefore, be most useful for biomonitoring. It is in this area that the
development of molecular biomarkers that are indicative of deleterious biological/physiological effects is
required. If, for example, the gonadal tissue of intersexual fish expressed certain novel genes, a small
tissue biopsy of a live animal would allow a non-sacrificial method for the assessment of these effects.

,19(57(%5$7(6

Extrapolation of the effects of any chemical or mixture from vertebrates to invertebrates is almost
impossible. This is largely due to the fact that the endocrinology of none of the test species is sufficiently
understood to include in any endocrine testing regime. Indeed, endocrine systems in invertebrates are
poorly understood; each phylum has unique hormones which are not typical of vertebrates and therefore,
fundamental studies are required to assess the applicability of invertebrates in the assessment of EDCs.
Invertebrates are, however, essential for the health of the ecosystem and are potentially invaluable for
evaluating effects in the field, due to their ubiquitous distribution. In the aquatic environment, the
greatest species diversity of invertebrates is in shallow waters which can receive contaminated effluents
(tributyl tin example). Furthermore, although their role is uncertain, oestrogenic and. androgenic
hormones are found in every invertebrate class examined so far [118]. In echinoderms and gastropods, for
example, they control oocyte growth. In arthropods, however, ecdysones are the predominant hormones;
structurally similar to vertebrate steroidal hormones, they mediate differentiation, growth and
reproduction in nematodes and molluscs. They are also important in vitellogenesis and moulting
[119,120] Another well-known hormone, juvenile hormone is known to regulate embryogenesis,
development and reproduction [121]. Both field and laboratory studies have shown that these animals are
susceptible to EDC effects, e.g. testosterone and tributyltin [48]. Some endocrine disrupting chemicals,
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such as nonylphenol, have been tested on various species of invertebrate with variable effects ranging
from no effects at all to effects on fecundity, or the development of secondary sexual characteristics. The
variability in the effects seen is perhaps not surprising when one considers the differences in the
endocrine systems between these groups of animal. The assumption that a chemical, such as nonylphenol,
will have similar effects on invertebrates because it has effects on vertebrates is contradictory in this
respect. Indeed, recent research on the water flea (Daphnia magna) suggests that some chemicals which
are oestrogenic in vertebrates affect moulting, not reproduction [122]. Notwithstanding this, agricultural
chemicals which have been specifically developed to disrupt the endocrine system of insects are a
potential threat to wild species of invertebrate with similar endocrinology. Indeed, it is in this area that
research into EDCs for invertebrates and their effects should be developed as it is entirely possible that
these chemicals are present in the environment. The ecdysteroid receptor sequences of several species of
crustacean and insect, for example, are now well defined [123] and therefore, research into the possibility
that certain pollutants might interact with these receptors could be a good starting point. In vitro tests
using invertebrate steroid receptors and or expression vectors containing these receptors could be
developed and environmentally prevalent chemicals could be tested rapidly and efficiently for their
ability to act as receptor agonists or antagonists.

&21&/86,21

In conclusion, existing methods for the assessment of reproductive and developmental effects of
endocrine disrupting chemicals on wildlife are not sufficiently validated for use in any regulatory testing
regime. Several methods are, however broadly suitable and could be applied, after modification and
standardisation. The structural conservation of hormones and their receptors should enable investigators
to limit prioritisation screening to a few classes of vertebrates, although a substantial degree of cross
validation between species and standardisation of existing end-points is an essential research need. In
addition, the development of short-term in vivo prioritisation screens to complement in vitro and SAR
approaches is needed.

Despite the absence of internationally agreed test methods for EDCs, several countries have already
taken regulatory action. In Austria, Belgium, France, Germany, Sweden and the UK, for example, expert
committees have been set up in order to develop National Action Plans for research into EDCs. The UK
made the first move with a strategic paper from the environment agency in January 1998. Italy and
Greece entered the planning stage in September 1997. Some member states have already proposed
controls on known EDCs. These include the phasing out of phthalates in Denmark, control of the use of
nonylphenol ethoxylates (NPEOs) in pesticides(Denmark, Belgium, France, Sweden and Finland), and
the withdrawal from the market of babies teething rings that give off phthalates in Denmark, Spain, Italy
and Sweden. In the USA, The Food Quality Protection Act and the Safe Drinking Water Act were both
passed in 1996 and explicitly extend testing and regulatory authority to endocrine disrupting chemicals in
food-grade pesticides and as drinking water contaminants. Their time deadlines are to implement
screening and testing by August 1999. To assist the agency in developing a sound flexible approach to
EDC testing, a committee of experts representing industry, environmental groups, public health groups,
environmental justice groups, academia and government has been established (EDSTAC). Several
decisions have already been made including the consideration of human and ecological effects,
oestrogen, androgen, anti-oestrogen, anti-androgen, and thyroid effects, of single compounds and
mixtures.
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